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Abstract

As the climate continues to warm, the frequency and severity of wildfires are expected to increase, altering global carbon stocks. Microbial communities play critical roles in carbon cycling and sequestration and increase the resilience of ecosystems. However, the effects of wildfire on soil microbial communities and the subsequent impact this perturbation has on ecosystem carbon stocks remains poorly understood. Here I investigate soil microbial communities present in the 2002 Hayman burn in Colorado to determine microbes’ role in building soil carbon stocks in a montane environment experiencing little post-fire recovery. Respiration in soils in two unburned watersheds was only ~14% greater (CO2 g-1 soil) than in soils in three burned watersheds, despite burned watershed soils having ~54% less carbon. Thus, soil organic matter (SOM) in burned watersheds is ~47% more bioavailable than unburned watersheds, likely due to differences in both SOM quality and the microbial community. Comparison of the δ13C of SOM and respired CO2 revealed that burned watershed SOM pools were smaller and more labile. Soil microbial community richness and diversity, determined using 16S RNA gene sequencing, illustrated that burned watersheds have soil microbial communities that are distinct from unburned locations, with specializations for utilization of fire-altered carbon pools. These changes were likely initially driven by changes in organic matter quality that affected microbial community establishment and thus mineralization. I therefore infer that microbial carbon processing forms a positive feedback that inhibits the accumulation of carbon stocks. 
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I. [bookmark: _Toc36975413]Introduction

As the climate continues to warm, forest fire frequency and intensity is expected to increase (IPCC, 2018; Westerling et al., 2006). The Western United States is seeing a rise in forest fires due to reduced winter precipitation and earlier snowmelt (Flannigan et al., 2013; Westerling, 2006). These fire regime changes will have lasting effects on global carbon stocks and sequestration. In 2016 alone, fire released an estimated 2,500 Tg carbon (C) (Van Der Werf et al., 2017), enough to noticeably increase CO2 levels in the atmosphere (Nevison et al., 2008). Severe fires (i.e. stand-replacing) are expected to alter global C dynamics and cycling due to changing species composition (Bond-Lamberty et al., 2007) and ecosystem processes (Dore, 2008; Miesel et al., 2015). However, the magnitude of this change remains poorly understood especially due to differences in responses between ecosystems (Jansson & Hofmockel, 2019).
Ponderosa pine (Pinus ponderosa) forests account for 20 to 40% of C sequestration in the United States (Westerling, 2006), thus it is critical to understand the impact of severe fire within these ecosystems. Historically, Ponderosa forests have been characterized by frequent low intensity fires. In recent decades, increased livestock grazing and heavy fire suppression has created large, vertical fuel loads resulting in higher intensity crown fires (Dore, 2008; Fornwalt & Kaufmann, 2014; Westerling, 2006). The shift in fuel load coupled with higher drought frequency has increased both fire severity and the amount of land burned by 600% when compared to data from 1986 (Fornwalt, 2014; Westerling, 2006). With this fire regime shift, Ponderosa pine forests could become a carbon source, instead of a sink (Dore, 2008; Westerling, 2006). 
[bookmark: _Toc36975414]Impact of Fire on Ecosystem Processes

Fire alters chemical, physical, and biological ecosystem processes (Certini, 2005; Jansson, 2019; Knicker, 2007). The effects of fire on these processes depends on the duration and temperature of the fire as well as other ecosystem characteristics (e.g. dominant vegetation type, soil moisture, etc.) (Certini, 2005; Mataix-Solera et al., 2009). All fires, regardless of burn severity, release C, reduce the amount of organic matter (OM), and change the structure and composition of remaining OM (Certini, 2005; González-Pérez et al., 2004; Knicker, 2007). Burned soils no longer have a high litter input, which is an important source of forest soil C and nitrogen (N) pools, especially for recovering forests (Nave et al., 2011). Shifts in soil and plant processes also influences the amount of C and N that accumulate in soils (Kranabetter et al., 2016). 
	Fire can significantly alter both the amount and composition of soil organic matter (SOM). High severity fire can volatize many soil nutrients, decreasing the total amount of nutrients available for plants and microbial communities. Increased erosion, nutrient leaching due to more soluble OM, and loss of vegetation also contribute to decreased nutrient content and can prolong vegetation recovery following fire (Berhe et al., 2008; Certini, 2005; Francos et al., 2018; González-Pérez, 2004; Knicker, 2007; Kranabetter, 2016). Without the establishment of plants, fewer nutrients can accumulate in the soil creating a positive feedback that further delays recovery (Kranabetter, 2016). Recovery times of SOM vary with ecosystem type, climate, and burn severity but many montane forests can take over 100 years to fully recover (Knicker, 2007; Nave et al., 2011). 
Soil organic matter quality is also affected by fire. Although overall OM quantity decreases, the amount of soluble OM, sugars, and aromatic carbon generally increases (Choromanska & Deluca, 2002; González-Pérez, 2004; Knicker, 2007). This change in OM quality results in a fertilization effect directly after fire which increases microbial activity and soil respiration (Jansson, 2019; Knicker, 2007; Wüthrich et al., 2002). Part of this effect is due to increased ammonium (i.e. inorganic N) post-fire which results in higher levels of mineralization by microbes (DeLuca & Sala, 2006; Knicker, 2007; Mataix-Solera, 2009; Rhoades, 2011). However, the long-term effects of new pyrogenic carbon (PyC) input on mineralization and C cycling remains poorly understood. Some studies have found that PyC is more resistant to microbial degradation and increases SOM residence times (e.g. González-Pérez, 2004; Knicker, 2007) while others have found that SOM stability decreases which increases decomposition following fire (e.g. Miesel, 2015). 
[bookmark: _Toc36975415]Microbial Communities Following Fire

Soil microbes are crucial to soil C cycling and are responsible for the transfer of atmospheric C to terrestrial C pools (Dooley & Treseder, 2012; Jansson, 2019; Melillo et al., 2017; Schimel & Schaeffer, 2012). Soil respiration is the second largest C flux in terrestrial ecosystems and contributes 20 to 40% of all CO2 into the atmosphere (Hu et al., 2017; Rastogi et al., 2002). Fire affects microbial communities (and thus soil respiration) directly by heat-induced mortality, by shifting the soil’s chemical and physical properties, and by decreasing microbial biomass as well as community diversity (Certini, 2005; Dooley, 2012; Ferrenberg et al., 2013; González-Pérez, 2004; Hart et al., 2005; Knicker, 2007; Wüthrich, 2002). These changes are driven by the release of organic toxins, changes in soil moisture, abundance and quality of soil nutrients, and increased solar penetration (Ferrenberg, 2013; Jansson, 2019; Mataix-Solera et al., 2009). Other studies have suggested that, when compounded with other climate extremes (e.g. drought, intense rainfall), microbial communities become less resilient to future disturbances (Francos, 2018; Hinojosa et al., 2016; Jansson, 2019; Knelman et al., 2019; Kranabetter, 2016; Melillo, 2017).
Following fire, microbial communities reestablish quickly and experience shifts in community structure and assembly processes. Increased soil OM heterogeneity also leads to differences not only between burned and unburned communities, but to differences among burned communities (Ferrenberg, 2013; Knicker, 2007; Miesel, 2015). Initially, neutral-based processes are important to community assembly and dispersal limitations determine what species establish (Ferrenberg, 2013; Volkov et al., 2003). 
Once communities begin to establish, environmental parameters (e.g. nutrient availability, pH, moisture, vegetative community) put selection pressures on the community. “Niche-based” assembly becomes the primary form of community development, with bacteria (especially gram-positive bacteria) establishing before fungi (Ball et al., 2010; Ferrenberg, 2013; Vellend, 2010). Studies have shown that fast growing r-strategists, which rapidly decompose OM compared to slow growing K-strategists, also become more prevalent (Dooley, 2012; Wüthrich, 2002). Immediately following a fire, a pulse of ammonium enters the system facilitating the establishment of ammonia-oxidizing microbes and leading to an increase in soil nitrate pools (Ferrenberg, 2013; Knicker, 2007; Mataix-Solera, 2009). An increase in nitrifying bacteria is typically seen following fire due to increased chemically and biologically stable charcoal content as well as more ammonium in the soil; although, how long this increase in nitrifying bacteria persists is not well known (Ball, 2010; González-Pérez, 2004; Hart, 2005; Jansson, 2019; Knicker, 2007; Mataix-Solera, 2009). 
[bookmark: _Toc36975416]Soil Respiration

In addition to fire changing microbial community composition, fire also affects soil C mineralization (Knicker, 2007; Schimel, 2012). Although microbial biomass generally decreases post-fire, OM quantity and quality are more important to respiration rates (Wang et al., 2003; Wüthrich, 2002). Microbial activity increases immediately post-fire due to more bioavailable nutrients and a rise in soil pH (DeLuca, 2006; Dooley, 2012; Jansson, 2019; Wüthrich, 2002). In a sweet chestnut forest in Switzerland, increases in soil respiration persisted for at least six months post-fire (Wüthrich, 2002), and Ponderosa pine forests in Arizona were a source of CO2 to the atmosphere for at least 10 years post-burn (Dore, 2008). However, the effects of burn severity on soil respiration remains poorly understood with some studies that report increased respiration rates with burn severity (e.g. Wüthrich, 2002), while others report a decrease in soil respiration (e.g. Dooley, 2012; Mataix-Solera, 2009). Past studies of the Hayman burn (i.e. Barnes, unpublished data; Wolf, 2016) found an increase in both soil respiration and bioavailability in burned soils compared to unburned soils almost 15 years post-fire. 
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	Under historic disturbance regimes, the sequestration of soil C is a balance between accumulation from decomposition processes from soil microbes and vegetation (Jansson, 2019; Kranabetter, 2016; Schimel, 2012). However, a regime shift to bigger, more frequent fires may disrupt this balance and inhibit recovery of ecosystems post-fire (Stevens, et al., 2013; Certini, 2005; Nave, 2011; Stephens et al., 2018). Overall forest resilience is expected to decrease as the climate warms and severe weather events, such as drought, increase in frequency (Abella & Fornwalt, 2015; Chambers et al., 2016; Stevens-Rumann et al., 2018). Ecosystems may then shift to a new steady state that is primarily composed of grasses which sequester less carbon than forests (Abella, 2015; Chambers, 2016; Stevens-Rumann, 2018). Ponderosa pine forests are especially suspectable to ecosystem shifts because they are not well adapted to high severity fire (Fornwalt, 2014; Nave, 2011). In addition, even if Ponderosa pine ecosystems begin to regenerate post fire, young forests remain carbon sources for decades (Bond-Lamberty et al., 2004) and complete recovery can take hundreds of years (Nave, 2011). 
The lack of C and N soil storage is likely impacting the recovery of the Hayman burn. Less nutrients are available for plants, especially trees, limiting the recovery of forested ecosystems (Choromanska & Deluca, 2002; Dooley & Treseder, 2012; Dooley, 2012). The lack of tree recovery in burned sites also decreases the amount of nutrient uptake by plants and increases SOM losses to streams (Knicker, 2007). The effects of increased leaching in burned soils is visible in streams that drain watersheds burned in the Hayman fire. Higher respiration rates, especially due to increased nitrification, have been found to also increase the amount of nutrients leached from soil due to less nutrients being stored (Knicker, 2007; Wüthrich, 2002). One stream within the Hayman burn had a 2.5 times greater dissolved organic carbon (DOC) yield than unburned streams. One burned stream also had 123% more total dissolved nitrogen (TDN) compared to burned streams indicating a high amount of nutrient leaching from soil (Bonwell, 2020). Rhoades et al. (2011) also found an increase in sediment load in Hayman burned watersheds which is consistent with increased erosion in burned watersheds.
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Although many studies have investigated the effects of fire on soil respiration and sequestration (e.g. González-Pérez, 2004; Jansson, 2019; Knicker, 2007; Mataix-Solera, 2009; Wüthrich, 2002), few studies have investigated the effects of high severity burn on soil C cycling and bioavailability (e.g. Dooley, 2012; Francos, 2018). Even fewer have investigated the long-term effects of severe fire (e.g. Francos, 2018) (Fig. 1). My study is unique in its approach of measuring not only soil respiration, but soil bioavailability almost two decades post-burn. 
Building off Wolf’s (2016) work, I investigated the effects of the Hayman burn, a severe fire that occurred west of Colorado Springs in 2002, on soil C cycling from three burned watersheds compared to two unburned, reference watersheds. By investigating soil C quantity and quality as well as microbial communities, I aimed to answer: how does soil carbon cycling differs between burned and unburned landscapes? Are these differences due to shifts in organic matter quality or soil microbial communities? Do differences in organic matter quality persist between sample years?
Parsing out potential causes of increased bioavailability is challenging as many interacting factors affect both the OM quality and the microbial communities, both of which vary significantly with fire history. Microbes control soil C cycling (Jansson, 2019; Schimel, 2012) which affects nutrient availability for plants (Choromanska, 2002; Nave, 2011). In turn, plant competition and OM quality and quantity affect microbial community composition (Ball, 2010; Rustad et al., 2000). Thus, nutrient storage and cycling are a balance between soil microbial processes and plant processes (Dooley, 2012; Kranabetter, 2016). Although the interaction between microbial communities and OM quality is complex, I hypothesize that OM quality is primarily responsible for increased bioavailability in burned soils. 
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Research was conducted in five watersheds in the Colorado Front Range near Deckers, CO, USA in and around the Hayman and Schoonover burn scars. The Hayman fire is the largest fire in recorded Colorado history, burning more than 138,000 acres over five months. The Schoonover fire started two weeks prior to the Hayman burn and burned 3,900 acres just to the Hayman burn’s west (Fig. 2). Both fires were classified as severe (i.e. stand-replacing) burns, with fire consuming 80% or more of above ground biomass across large extents of the burned area (Stevens, 2013; USDA, 2005) These fires significantly impacted the Cabin, Pine, and Fourmile watersheds (Table 1). Two watersheds, Painted Rocks and Sugar, were used as reference sites as they have not experienced a significant burn in over a century (Table 1). 
All of the sites are located in the dry, conifer montane with an average precipitation of 51 cm yr-1 and an average temperature of 9.4C (Stevens, 2013). Before the Hayman fire, the forests were predominantly Ponderosa pine (Pinus ponderosa) and Douglas-fir (Pseudotsuga menziesii). The forest soils are Typic Ustorthents and Typic Cryorthents (i.e. sandy loams) (Stevens, 2013). Almost 18 years after the fire, the burned sites have experienced little post-fire recovery (i.e. few tree saplings present) outside of remediated areas. Unburned reference sites have significantly more live trees and litter cover and are characterized by forbes, conifers, and woody plants. Although burned areas show similar plant species richness as pre-fire conditions, burned communities have shifted to grasses, forbs, graminoids, and more exotic species (Fornwalt, 2014).
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All soil sampling occurred in June 2019 within 15 m x 15 m plots along a geomorphic gradient (i.e. on the crest, mid-slope, and toe-slope locations) of one hillslope within each watershed (i.e. three plots per watershed, Table 1). Six soil samples were collected from random locations in each plot using a bulb planter (i.d.:7 cm) to collect the top 10 cm of soil. If present, litter and/or duff was removed, and depth noted, prior to soil sampling. Soil samples were well-mixed in the field with approximately 200 g subsampled for microbial analysis. All soil samples were stored on ice in the field. Bulk soil samples were stored at 5°C until analyses and incubation experiments and microbial sub-samples were stored at -70°C until DNA extraction. A vegetation survey was also conducted within each plot. 0.25 m2 quadrats were used in 40 random locations inside each plot to characterize ground cover (i.e. grasses, forbs, succulents, live woody plants, wood, litter/duff, rock, bare ground, scatt, and moss/lichen). Canopy cover was estimated separately from ground cover. 
	All soil analyses were performed on the same samples that were incubated unless otherwise stated. Three of the six soil samples from each plot were used to characterize bulk soil characteristics. One sample from every plot (n=3 per watershed, not corresponding with incubation samples) was used to determine bulk soil density, gravimetrically. Samples were weighed and oven dried at ~60°C for 24 hrs prior to re-weighing. Two samples from each plot (not incubation samples) were sieved (2 mm) and material greater than 2 mm sorted (i.e. organic matter (e.g. roots, plant debris), charcoal, fine course and rocks) and weighed. Following incubations, soil used for the respiration experiments were also sieved and sorted. Soil pH was measured on three samples from each plot (n=9 per watershed) using an AP61 Portable pH Meter Kit by mixing 10 g of soil and 30 mL of MilliQ water (18 MΩ).
	Three subsamples from each plot (n=9 per watershed) were oven dried at 60°C for 24 hrs. The dried soil was fumigated with HCl for 24 hrs and re-dried in the oven at 60°C for 24 hrs to remove any inorganic carbon. The fumigated samples were ground using a Certiprep 800 Mixer/Mill and packed in tin capsules for elemental analysis (%C and %N) on a CE Elantech at Colorado College. In addition, replicate samples were sent to the Yale Analytical and Stable Isotope Center (YASIC) Isotope Lab (Yale University, New Haven, CT, USA) and analyzed on a Thermo DeltaPlus Advantage for elemental and stable isotope analyses (δ15N and δ13C). Elemental data between the two instruments was compared and averaged as the instruments reported similar values (CV between replicate samples averaged 0.74% for %C and %N). 
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	Soil slurries from three subsamples from each plot (n=9 per watershed) were used to measure water extractible organic matter (WEOM) following methods adapted from Santos et al. (2016). Approximately 10 g of soil with ~300 mL of MilliQ water was combined and agitated on a shaker table for 1 hr. The slurries were allowed to settle and then filtered through a 0.7 μm pre-combusted glass microfiber filter (Whatman GF/F). DOC and TDN concentrations of WEOM were measured on a Shimadzu TOC-L/TNM-L. The precision of the instrument was low for both DOC (CV=6.03%) and TDN (CV=7.70%). 


[bookmark: _Toc36975423]Soil Respiration and Organic Matter Bioavailability

Three samples per plot (n=9 per watershed) were used to measure soil respiration and soil organic matter bioavailability. Laboratory incubations used 30 g of bulk, well mixed soil (with large rocks removed prior to sub-sampling) and commenced within a week of soil sample collection. Soil was incubated in pre-combusted (500°C, 5 hrs) glass jars, open to the atmosphere, in the dark at 5°C. Once a week for six weeks, jars were covered with air-tight lids and incubated for 2 hrs at 5°C. In weeks two through six, soils were re-wetted with MilliQ water (18 MΩ) to bring them back to field capacity. After two hours, the headspace of each jar was sampled, and CO2 measured on an SRI-8610C gas chromatograph. Standard gases of 100 ppm, 1000 ppm, and 10000 ppm CO2 as well as ambient lab air were run with each set of samples. Repeated measures of standards across the six weeks illustrates the stability of the instrument (average CV =2.3%). Replicate gas samples were stored in pre-evacuated 12 mL exetainers (Labco) and sent to the YASIC lab (Yale University, New Haven, CT, USA) δ13C-CO2 for analysis. Analysis was performed on a Thermo DeltaPlus XP using a GasBench. The average long-term standard deviation using three-known standards for δ13C was 0.056 and 0.2 for δ15N. 
To quantify the relative bioavailability of soil organic matter, the amount of CO2 produced was normalized to the amount of C in soil (i.e. mg C- CO2 per gram of soil C per day). 
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	DNA extractions for 16S RNA gene sequencing were performed on ~0.5 g of soil (n=9 per watershed, 3 per plot) using the Quick-DNA Fecal/Soil Microbe Microprep Kit (Zymo Research Corporation, Orange Country, CA, USA) in the Wilkins Lab at Colorado State University. Sequencing was performed using broad specificity 515F–806R primers that target the V4 region of the 16S rRNA gene at Argonne National Laboratory using the Illumina HiSeq2500 sequencing system. Resulting reads were clustered into exact sequence variant (ESV) classifications at 99% similarities using the UPARSE pipeline (usearch v7.0.1090_i86linux32).
Microbial diversity and evenness are linked to different ecosystem functions (Maron et al., 2018). The species diversity of microbial communities (alpha diversity) of microbial populations was quantified using Shannon’s Diversity Index (H) (accounts for both abundance and evenness), Simpson’s Index (D) (accounts for abundance and evenness and ranges from 0 to 1, with 1 being the most diverse), and Pielou’s Evenness (J) (represents evenness of a community and ranges from 0 to 1, with 1 being the most even). 
[bookmark: _Toc36975425]Data Processing

Statistical analysis and data visualization were performed using RStudio (v. 1.1383). Two-sample t-tests were used to compare groups (i.e. burned and unburned watersheds) while Pearson’s correlations (r) were used to assess bivariate relationships. For all tests, significance was defined as p≤0.05.
To analyze microbial-level differences between locations, beta diversity was visualized using a non-metric multidimensional scaling (NMDS) ordination based on Bray-Curtis dissimilarity, a statistic to calculate dissimilarities between microbial communities. The envfit function in R (vegan package) was used to identify environmental variables associated with shifts in microbial community composition. The distance of points from vectors indicates correlation while vector length indicates magnitude of influence. An analysis of similarity (ANOSIM) was performed to determine community differences between burned and unburned watersheds. Principle component analysis (PCA) was used to visualize difference in chemical data between burned and unburned watersheds.
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	Severe fire significantly reduces vegetation cover and the Hayman burn specifically is experiencing little post-fire recovery (Fornwalt, 2014). Total vegetation (i.e. grasses, forbes, succulents, moss cover, shrubs) cover was significantly different between burned and unburned plots (p= 0.024, Table 2). Unburned plots have a higher percent of total vegetation cover at 35.8 ± 15.7% while burned plots have 17.2 ± 12.2% of vegetation cover and unburned plots also had more tree cover. Burned plots also have significantly greater live ground cover (i.e. grasses, forbes, succulent, live woody plants, moss cover) likely due to unburned plots containing more live trees (p= 0.0058, Table 2) with ground cover often dominated by litter (usually pine duff). The amount of bare ground was significantly higher in burned plots (36.9 ± 15.9%) compared to unburned plots (13.4 ± 10.2%) (p<0.0001, Table 2). 
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	Severe fire alters surface soil characteristics such as bulk density and carbon content (González-Pérez, 2004; Knicker, 2007). Although some studies report differences in geomorphic position (e.g. Berhe, 2008), I found no significant differences in soil characteristics between hillslope position. Soil characteristics and chemistry were different between burned and unburned soils (Fig. 3). Bulk density between the burned (1.23 ± 0.27 g cm-3) and unburned soils (1.07 ± 0.18 g cm-3) was not significantly different (p= 0.15). Soil moisture was significantly greater in unburned soils (5.97 ± 2.78%) than burned soils (3.32 ± 3.55%) (p=0.0059). Soil pH did not vary significantly between burned (6.19 ± 0.58) and unburned watersheds (5.83 ± 0.68) (p= 0.24). 
There were no significant differences between the soil fraction proportions (i.e. rocks, organic matter >2 mm, charcoal pieces >2 mm, and soil <2 mm) of whole soil samples and incubated soil samples (<2 mm content (p= 0.47), rock content (p= 0.83), organic matter content (p= 0.13) and charcoal content (p= 0.88)). As expected, unburned soils had significantly more OM (4.01 ± 4.13%) than burned soils (8.1x10-3 ± 1.1x10-3%) (p=0.00023). Burned soils contained pieces of charcoal while unburned soils had none (Table 3). Burned soils were also more heterogenous in soil fractions than unburned soils (Table 4). 
	 Burned and unburned soils %C was significantly different (p< 0.00001). Unburned soils had more carbon (2.84 ± 2.18%) than burned soil (1.31 ± 0.75%) (Fig. 4a). Unburned soils also averaged 0.13 ± 0.090 %N which is significantly higher than burned soils, 0.067 ± 0.041 %N (p= 0.017) (Fig. 4b). However, while the C:N was generally lower in burned soils (21.75 ± 4.47), it was not significantly different (p= 0.094) from the unburned soils (24.01 ± 4.58) (Fig. 4c). Unburned soils were more heterogenous in %C but less heterogenous in C:N compared to burned soils (Table 4). 
[bookmark: _Toc36975429]Water Extractable Organic Matter

Fire alters soluble OM; although the effects of severe fire on WEOM remain unclear (Santos, 2016). Burned and unburned soils did not have any significant differences in WEOM. Burned soils had on average 17 ± 8.6 μg DOC g soil-1 while unburned soils had a similar amount with an average of 14 ± 61 μg DOC g soil-1 (p= 0.097) (Fig. 5a), despite the unburned soils having significantly more C. Unburned soils had an average of 5.7 ± 6.2 μg TDN g soil-1 while burned soils had an average of 4.9 ± 3.1 μg TDN g soil-1 (p= 0.61) (Fig. 5b). The C:N ratio of the WEOM was also not significantly different (p= 0.58) due to large amounts of variability within burned soils (average C:N ratio = 9.00 ± 17.3) and unburned soils (average C:N ratio = 11.5 ± 12.64) (Fig. 5c). 
[bookmark: _Toc36975430]Soil Respiration and Organic Matter Bioavailability
	
Fire has varying effects on soil respiration (Dooley, 2012; Mataix-Solera, 2009; Wüthrich, 2002). Total respiration (mg C-CO2) (i.e. amount of C respired throughout the six-weeks was significantly different between burned and unburned soils (p= 0.0010). Unburned soils respired 5.88 ± 1.46 mg C-CO2 while burned soils respired 4.61 ± 1.62 mg C-CO2. Unburned soils (0.93 ± 0.45 mg C-CO2 day-1) also had significantly higher weekly respiration rates compared to burned soils (0.80 ± 0.47 mg C-CO2 day-1) (p= 0.025) (Fig. 6a). 
	Although unburned soils had significantly higher respiration rates, when normalized to the amount soil carbon (mg C-CO2 g-1 C day-1), burned soil organic matter (SOM) was significantly more bioavailable (p= 0.010) and averaged 2.25 ± 1.56 mg C-CO2 g-1 C day-1 while unburned soils averaged 1.71 ± 1.76 mg C-CO2 g-1 C day-1(Fig. 6b). Although individual soil samples were highly variable, average burned and unburned soil bioavailability followed a similar pattern of increasing bioavailability from week one to weeks four through five before decreasing in week six. Burned soil reached its peak bioavailability during week four and respired 3.08 ± 1.65 mg C-CO2 g-1 C day-1 across the six samples. Unburned soil reached peak bioavailability later, during week five and respired 2.74 ± 3.27 mg C-CO2 g-1 C day-1. 
	Soil bioavailability was correlated with the size and quality of SOM pools as well as OM inputs. SOM bioavailability was negatively correlated with surface soil OM pool size (%C, r= -0.68, p< 0.00001; %N, r= -0.65, p=<0.00001) while soils with greater relative N content were more bioavailable (C:N of SOM, r= -0.43, p= 0.0031). Similarly, soils with greater amounts of WEOM were less bioavailable (DOC, r=-0.42, p= 0.0045; TDN, r= -0.29, p= 0.053; C:N of WEOM, r= -0.29, p= 0.055). OM inputs to soil (i.e. vegetation) were significant predictors of SOM bioavailability, with greater vegetative cover associated with less bioavailable SOM (% total vegetative cover, r= -0.29, p= 0.052; % total ground cover, r= -0.57, p<0.00001). Several chemical and physical properties were significant predictors of bioavailability (δ13C of soil r= 0.41, p= 0.023; soil moisture r=-0.55, p= 0.035) (Fig. 7). Fractionation was not significantly correlated with bioavailability (r=-0.05, p= 0.58). Although, the δ13C of respired CO2 was significantly correlated with fractionation (r=0.71, p=0.0010).
	Fire affects OM quality and mineralization mechanisms which can be partitioned using fractionation (Ferrenberg, 2013; González-Pérez, 2004; Knicker, 2007). δ15N of soil was significantly greater (p<0.0001) in burned soils (3.04 ± 0.82) than in unburned soils (1.14 ± 1.07). The δ13C of burned (-24.3 ± 0.77) and unburned SOM (-24.41 ± 1.06) was not significantly different (p= 0.66). However, the CO2 respired by the burned soil (-14.11 ± 4.19) was significantly more enriched in δ13C than unburned soils (-15.57 ± 3.89) (p= 0.019). Thus, burned soils had a significantly greater fractionation than unburned soils associated with respiration of SOM (-10.15 ± 4.30 and -8.52 ± 3.87 respectively; p= 0.0091) (Fig. 8a). Observed δ13C fractionation was lowest in week one, when measured SOM bioavailability was also at its lowest, in both burned and unburned soils (Fig. 8b). In addition, both burned and unburned soil’s week one fractionation was significantly lower than measured fractionation in weeks two through six (p< 0.00001 and p= 0.0043 respectively). Respired CO2 from burned soils became more enriched in δ13C by 6.37 ± 6.42‰ between week one and weeks two through six while respired CO2 from unburned soils became more enriched δ13C by only 3.86 ± 5.14‰ between week one and weeks two through six (Fig. 8a). 
Microbial Communities
	Diversity of microbial communities is linked to soil functioning as well as carbon cycling (Maron, 2018). ESVs were more similar between sites with similar fire history (ANOSIM, burned vs. unburned soils: 0.357, p< 0.001). Bray-Curtis dissimilarity results confirm significant differences between microbial communities which are best explained by type of vegetation cover (i.e. litter, bare ground, forbes, and woody debris), pH, and %C (Fig. 9). Microbial communities from burned watersheds had significantly higher Pielou’s evenness (from 0-1) (0.82 ± 0.029) compared to unburned microbial communities (0.78 ± 0.024) (p<0.0001) (Fig. 10a). However, unburned microbial communities had significantly higher species richness (6290 ± 2220 ESVs) compared to burned microbial communities (4920 ± 2060 ESVs) (Fig. 10b). No significant difference was found between burned microbial communities Simpson’s index (i.e. richness and diversity; from 0-1) (0.996 ± 0.0018) and unburned microbial communities Simpson’s index (0.995 ± 0.00346) (Fig. 10c). Linear discriminant analysis revealed that ESVs associated with nitrifying bacteria (i.e. Nitrospiraceae, Nitrospirales, and Nitrosphaerales) were a major driver of dissimilarity between burned and unburned soils, with greater relative abundances in burned soils (Fig. 11). 
Comparisons to Previous Years
The persistence of decreased OM is evident when sample years are compared. Data from 2015 (Wolf, 2016) and 2016 (Barnes, unpublished data) was collected from two of the same burned sites and one of the same unburned sites as well as a comparable unburned site from my study (i.e. 2019 collection). Although not significant, burned soil C sampled in 2019 (1.39 ± 0.84%) was lower than soil C in 2015 (2.17 ± 1.68%) (p=0.86) and lower than soil C in 2016 (2.02 ± 1.43%) (p=0.91). The %C of burned soils sampled in 2015 was not significantly higher than the %C of burned soils sampled in 2016 (p=0.99). Unburned %C was not significantly different between sample years (unburned soils sampled in 2015 3.70 ± 2.83%; 2016 3.70 ± 2.92%; 2019 3.52 ± 2.10%) (Fig. 12a). There were no significant differences in %N between sampling years. However, %N followed a similar trend to %C over the course of the three years. Burned soils sampled in 2015 had more %N (0.097 ± 0.066%) than burned soils sampled in 2019 (0.069 ± 0.047%) (p= 0.0.92) and more than soils sampled in 2016 (0.096 ± 0.57%) (p=1). Burned soils sampled in 2019 also had a trend of less %N than burned soils sampled in 2016 (p=0.91). Unburned %N was also not significantly different between sample years (unburned soils sampled in 2015 0.15 ± 0.12; 2016 0.16 ± 0.13; 0.15 ± 0.088) (Fig. 12b). 
C:N ratios were consistent for 2015, 2016, and 2019 with no significant differences (burned soils sampled in 2016-2015 p=0.51; burned soils sampled in 2019-2015 p=0.50; burned soils sampled in 2019-2016 p=0.99). Burned soils sampled in 2015 had an average C:N ratio of 25.6 ± 4.17 while burned soils sampled in 2016 had an average C:N ratio of 23.3 ± 4.93 and burned soils sampled in 2019 had an average ratio of 23.1 ± 4.06 (Fig. 12c). There were no significant differences in C:N ratios of unburned soils between sample years (Unburned soils sampled in 2015 28.99 ± 4.09; 2016 26.03 ± 4.66; 2019 26.13 ± 2.07). 
This difference in respiration between burned and unburned soils is consistent with differences found in 2015 and 2016 by Wolf (2016) and Barnes (unpublished data). However, both burned and unburned soils sampled in 2019 had higher respiration rates than soils sampled in 2015 and 2016, likely because soils in 2015 and 2016 were sieved and only the fraction <2 mm was incubated. Burned soils sampled in 2019 respired on average 2.14 ± 1.76 mg C-CO2 day-1 while soils sampled in 2015 only respired on average 0.99 ± 0.51 mg C-CO2 day-1 (p= 0.049) and soils sampled in 2016 respired on average 0.77 ± 0.45 mg C-CO2 day-1 (p= 0.0018). Following a similar trend, unburned soil sampled in 2019 respired more mg C-CO2 day-1 (3.64 ± 2.13 mg C-CO2 day-1) compared to unburned soils sampled in 2015 (0.97 ± 0.49 mg C-CO2 day-1) (p<0.0001) and unburned soils sampled in 2016 (0.83 ± 0.53) (p<0.0001). Soils sampled in 2015 did not respire a significantly different amount than soils sampled in 2016 (p= 0.60) for burned and p= 0.99 for unburned) (Fig. 13a). 
Soils sampled in 2015 and 2016 also showed increased bioavailability of carbon in burned soils compared to unburned soils with soils sampled in 2015 having the highest bioavailability compared to soils sampled in 2016 and 2019. Burned soils sampled in 2015 had an average bioavailability of 1.28 ± 0.91 mg C-CO2 g-1 C day-1 compared to burned soils sampled in 2019 that had an average bioavailability of 0.84 ± 0.43 mg C-CO2 g-1 C day-1 (p<0.00001). Although not significant, burned soils sampled in 2015 also showed an increased bioavailability compared to soils sampled in 2016 (1.08 ± 0.65 mg C-CO2 g-1 C day-1) (p=0.56). There was no significant difference between burned soils sampled in 2016 and burned soils sampled in 2019 (p= 0.12). No significant differences were seen in unburned soils over the three years (unburned soils sampled in 2015 0.99 ± 0.45 mg C-CO2 g-1 C day-1; 2016 0.83 ± 0.53 mg C-CO2 g-1 C day-1; 2019 3.64 ± 4.55 mg C-CO2 g-1 C day-1) (Fig. 13b). 
Although not significantly different, burned soils sampled in 2015 had a higher moisture content (5.63 ± 2.08%) than burned soils sampled in 2019 (p=0.96) (4.59 ± 4.26%) and in 2016 (4.37 ± 0.81%) (p=0.48). The moisture content of burned soils sampled in 2019 was also not significant compared to the moisture content of burned soils sampled in 2016 (p=0.99). Unburned soils sampled in 2015 (9.31 ± 2.01%) were not significantly moister than soils sampled in 2016 (11.74 ± 2.72%) (p=0.480). Unburned soils sampled in 2019 (5.27 ± 4.29%) also did not have a significantly moisture content than unburned soils sampled in 2015 (p=0.25). However, unburned soils sampled in 2016 were significantly more moist than unburned soils sampled in 2019 (p =0.0068) (Fig. 14). 
Soils sampled in 2016 had similar fractionation patterns to soils samples in 2019 with a small fractionation in the first week followed by burned soils becoming more enriched in δ13C (Fig. 15a). No differences in soil δ13C existed between burned soils sampled in 2016 (-23.7 ± 0.95) and burned soils sampled in 2019 (-24.3 ± 0.97) (p= 0.79). However, respired CO2 of burned soils sampled in 2019 has a significantly higher fractionation (10.3 ± 4.82) compared to the fractionation burned soils sampled in 2016 (3.57 ± 8.19) (p<0.00001). Unburned soils sampled in 2019 also had a higher fractionation (6.91 ± 3.67) than the unburned soils sampled in 2016 (-3.92 ± 4.71) (p<0.0001) (Fig. 15b). These differences in fractionation could be due to the fact that soils incubated in 2016 were sieved and thus both burned and unburned microbes had smaller OM pools. Despite the differences in the enrichment of respired δ13C, soils sampled in 2016 and 2019 had similar patterns of fractionation over the six -week incubation experiment.
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[bookmark: _Toc36975432]Increased Soil Bioavailability

Increased SOM bioavailability, as seen in soils burned in the Hayman fire (Fig. 6b), leads to less carbon storage (Fig. 4a) altering terrestrial carbon stocks and creating a positive feedback that contributes additional CO2 to the atmosphere and thus further warming. Previous studies have attributed increased bioavailability to soil moisture, temperature, pH, OM quality and microbial community composition (Francos, 2018; González-Pérez, 2004; Knicker, 2007; Rustad et al., 2000). Given that soil characteristics did not vary between burned and unburned soils, bioavailability differences are likely due to variations in microbial communities and OM quality. 
A pattern of increased SOM bioavailability persisted throughout 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019 (Fig. 13b); although, SOM from burned soils sampled in 2015 was ~58% more bioavailable than SOM from burned soils sampled in 2019. Greater SOM bioavailability in 2015 correlated with greater soil moisture and lower C:N ratios. Annual precipitation in 2015 was greater (~70 cm; NOAA 2019) than in 2016 and 2019 (~55 cm; NOAA 2019). Burned soils in 2015 had greater water content than burned soils sampled in 2016 and 2019 (Fig. 14). More moisture leads to an increase in vegetation which also increases the amount of labile and easily decomposable OM in the soil (Cleveland & Liptzin, 2007). Additionally soil, especially following fire, is very heterogenous (Miesel, Hockaday, Kolka, & Townsend, 2015) with differences in soil nutrient concentrations varying significantly in just 2 m over a two-year period (Farley & Fitter, 1999). Thus, it is possible that year to year variability is due to this patchiness and not differences in precipitation. 
[bookmark: _Toc36975433]Organic Matter Quality and Processing

Fire shifts both the quantity and quality of SOM which can influence soil bioavailability (Rustad, et al., 2000; González-Pérez et al., 2004; Knicker, 2007; Mataix-Solera et al., 2009; Nave et al., 2011; Dooley & Treseder, 2012). Less nutrients are available for plants in burned soils (Fig. 4), limiting the recovery of vegetation such as trees and allows for more grasses to establish (Choromanska & Deluca, 2002; Dooley & Treseder, 2012; Dooley, 2012). The lack of forest recovery in the mesic montane watersheds affected by the Hayman burn suggests that OM pools have shifted over the last 18 years and are less supportive of forested ecosystems. 
The type of vegetation that recovers post-fire is an important control on both OM quality and soil bioavailability. Groundcover in unburned plots is dominated by pine-litter which is higher in lignin and leads to reduced N cycling while grass dominated landscapes (e.g. those burned in 2002) have higher labile SOM pools which leads to increased soil respiration (Fig. 7) (Hart et al., 2005; Ball et al., 2010; Miesel et al., 2015). Greater soil respiration in burned soils (Fig. 6b) is indictive of changes in OM processing due to both changes in OM quality as well as microbial community structure and function (Ferrenberg, 2013; González-Pérez, 2004; Knicker, 2007). In addition, burned soils had lower C:N ratios, suggestive of the greater relative N content of grasses relative to pine litter (Cleveland, 2007). As N is typically limiting in coniferous forests (Ball et al., 2010; Kranabetter et al., 2016) and microbial biomass has a fixed C:N ratio (Cleveland, 2007), the C:N ratio of soils also influences bioavailability (Fig. 7). Differences in fractionation between burned and unburned soils (Fig. 8a) are also indicative of a smaller labile OM pool, and differences in the microbial communities in burned soils (Crow et al., 2006; Mueller, 2014; Nave, 2011; Rossmann, 1991). The prolonged relatively depleted δ13C signature in the CO2 respired from unburned soils compared to burned soils (Fig. 8b) indicates that burned microbial communities are accessing different OM pools than unburned microbial communities. For example, lignin, which is the primary OM input in unburned soils (Fernandez et al., 2003), tends to have a prolonged depleted δ13C signature (Mueller, 2014). A shift to a grass dominated ecosystem also creates a positive feedback relating to forest recovery. Wolf (2016) found that burned plots with some forest recovery had smaller differences in bioavailability compared to unburned plots, than burned plots with no forest recovery. Without forest recovery, C and N are cycled at a faster rate and trees are less likely to establish (Bond-Lamberty, 2004; Choromanska, 2002; Dooley, 2012; Jansson, 2019; Nave, 2011). 
My results suggest that some severe burns can increase respiration rates for decades. Soils sampled in 2015 and in 2016 had lower respiration rates than soils sampled in 2019 (Fig. 13a), likely due to only the < 2 mm fraction being incubated in earlier years. Sieving decreases microbial biomass in the fractions, but generally respiration per unit of microbial biomass increases as more OM is available for individual microbes (Wüthrich et al., 2002; Wang et al., 2003). However, Wang et al. (2003) found that the biologically available substrate is the most important factor controlling respiration rates. Given the greater C content in soils sampled in 2019, higher respiration rates were expected. Other studies have observed increased respiration rates for more than 6 months following fire (Wüthrich, 2002). However, several studies (e.g. Dooley, 2012; Mataix-Solera, 2009) found a decrease in microbial respiration rates following severe fire in boreal and temperate forests, highlighting the heterogeneous nature of these responses. 
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	Microbial community differences (Fig. 9) show how different selection pressures on traits affect community assembly post-disturbance (Ferrenberg, 2013; Vellend, 2010). Hamman et al. (2007) found that 14 months after the Hayman burn, burned and unburned microbial communities were different. Only 23% of this variation was explained by soil pH, temperature, and carbon while overall soil structure likely had an important influence on community establishment. Similarly, differences in microbial communities 18 years post-burn were best explained by SOM C content and by the type of vegetation cover, an indication of OM quality influencing microbial communities in the long-term. This result is consistent with other studies that found that vegetative community is a long-term dominant driver of microbial community assembly and structure (Ferrenberg, 2013; Schimel, 2012). Although burned soils are compositionally more heterogenous (Table 4), burned soils likely have a more homogenous structure due to aggregate breakdown following fire which selects for a less diverse microbial community (Hamman et al., 2007; Hart, 2005). 
Nitrifying bacteria lead to increased mineralization rates of OM (Jansson, 2019; Knicker, 2007; Tobin, 2008). Like many other burned communities studied (e.g. Ball, 2010; Ferrenberg, 2013; González-Pérez, 2004; Hart, 2005; Jansson, 2019; Knicker, 2007), burned soils have more nitrifying bacteria than unburned soils (Fig. 11). Directly after a fire, total nitrogen decreases, but more bioavailable forms of nitrogen increase (i.e. nitrate and ammonium) (Hart, 2005; Knicker, 2007; Tobin, 2008) which increases microbial mineralization. Increased charcoal, as is seen in burned soils sampled in 2019, and ammonium in burned soils helps to maintain nitrifying bacteria activity (Ball, 2010; González-Pérez, 2004; Hart, 2005). δ15N of SOM was 63% greater in burned landscapes compared to unburned landscapes, likely indicative of greater mineralization rates given the positive relationship with bioavailability (Fig. 7). Similarly, Kahmen et al. (2008) found a positive relationship with δ15N and ammonium, indicating greater N cycling. Burned soils also contained greater relative abundances of Actinobacteria (Fig. 11). Actinobacteria are gram-positive, and therefore contain a thick cell wall which likely provides some resistance to desiccation in the post-fire landscape. Moreover, they also produce spores under stress conditions, representing another mechanism by which they can re-establish in burned soils. Other studies have found similar increases in relative abundance of Actinobacteria, although they were found more recently post-fire (Hinojosa, 2016; Jansson, 2019). Although the exact functional consequences of Actinobacteria remains poorly understood (e.g. DeAngelis et al., 2015; Jansson, 2019), Actinobacteria are documented in soils containing low quantities of carbon as well as recalcitrant carbon and may be responsible for much of the soil C cycling (DeAngelis, 2015). Their heightened presence 18 years post-fire is further evidence for long-term shifts in microbial communities affecting soil respiration (Jansson, 2019). Although my study did not sequence fungal DNA, fungi tend to increase following fire and could also be influencing soil respiration and fractionation (Crow et al., 2006; Ferrenberg, 2013).
In comparison, burned communities have lower species richness (Fig. 10c) which likely leads to decreased carbon sequestration in burned soils (Dooley, 2012; Jansson, 2019). Ferrenberg et al. (2013) found a decrease in microbial diversity 16 weeks following fire, while my results show that species recovery can take more than 17 years post-fire. This result is expected given that the re-establishment of diverse microbial communities following fire is related to vegetation succession (Mataix-Solera, 2009) and burned study sites have experienced little post-fire recovery. 




















V. [bookmark: _Toc36975435]Conclusion

	My results show that nearly two-decades after a severe fire, changes in soil C stocks and soil C cycling still persist. Increased bioavailability in burned landscapes decreases total soil carbon storage. These changes were likely initially driven by changes in OM quality that affected microbial community establishment and thus mineralization. However, the microbial communities now work as positive reinforcement of the grass-dominated ecosystem where there is tighter C and N cycling which, along with extended periods of drought, contributes to the lack of tree recovery in the ecosystem. This tighter cycling also decreases the total C sequestration of the ecosystem (Bond-Lamberty, 2004; Jansson, 2019) (Fig. 16). Although the Hayman burn is recovering slowly, many studies argue that it is not a matter of if nutrient stocks and vegetation recover (Certini, 2005; Kranabetter, 2016). Given the lack of forest recovery and the dry and warm climate of the Rocky Mountain region (Dore, 2008; Wolf, 2016), the burned mesic montane ecosystem will likely not recover for at least 100 years (Nave, 2011) and may potentially experience a permanent shift to grassland (Stevens-Rumann, 2018). This long-term shift in ecosystem balance and storage will have important implications for both regional and global C budgets, especially as the frequency of fires increase, as similar systems will likely remain a C source instead of a C sink.
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Figure 1. As the climate continues to warm, fire frequency and severity is expected to increase. This increase will lead to a greater release of CO2 into the atmosphere and less carbon being stored in the soil, creating a positive feedback. The effect of decreased sequestration on OM cycling and microbial communities is not well understood. 

Figure 2. Map of study site locations (black stars, names labeled) and Hayman and Schnoover burn extent. Burn severity from low (green) to high (red) is based on the MTBS scale. Map created in ArcGIS Pro. 


 









Table 1. Site characteristics by hillslope position. Burn severity is classified by USDA (2005) and Stevens (2013). Elevation (m) is averaged between all hillslope positions.
Table 2. Average percentages ± SD of different vegetation cover by site type (i.e. burned and unburned). Differences tested with two-sample t-tests and significance was defined as p≤0.05.







Table 3. Average soil fraction percentages ± SD by site type (i.e. burned and unburned). Differences tested with two-sample t-tests and significance was defined as p≤0.05.
Fig 3. Comparison of soil characteristics and chemical properties for each soil sample. Red dots show burned soils and blue dots show unburned soils. Colored ellipses show grouping of the samples. Large dots in the center of ovals represent the averages. Figure courtesy of Amelia Nelson. 


Table 4. Coefficient of variance (%) by site type (i.e. burned and unburned) for soil fractions (i.e. < 2mm, organic matter, and charcoal), %C and C:N ratios. 
Figure 4. a) Amount of soil carbon (%) (p<0.0001). b) Amount of soil nitrogen (%) (p=0.017). c) Soil C:N ratio (p=0.094). Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data. 
a)
b)
c)
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Figure 5. a) Dissolved organic carbon (DOC) (p=0.097) b) Total dissolved nitrogen (TDN) (p=0.61). c) Water Extractable Organic Matter (WEOM) C:N ratio (p=0.58). Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data. 
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Figure 6. a) Soil respiration rates (mg C-CO2 day-1) (p=0.025). b) Soil bioavailability (mg C-CO2 g-1 C day-1) (p=0.010). Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data. 








Figure 7. Correlation matrix with key soil characteristics. Red dots represent a significant (p<0.05) negative correlation and blue dots represent a significant positive correlation. Dot size and color indicate larger r-values. Blank squares had no significant correlation. 
















Figure 8. Fractionation between soil δ13C and δ13C of respired CO2. a) Fractionation (‰) between week one and weeks two through six (p<0.0001). Shaded regions show probability density of data. b) Weekly δ13C of respired CO2 (solid lines) compared to δ13C (dotted lines) between burned and unburned soils. Burned watershed shown in red, unburned watersheds shown in blue
a)
b)








Figure 9. NMDS of ESVs and soil chemical properties (beta-diversity). Burned watersheds shown in red, unburned watersheds shown in blue. Burned and unburned soil microbial communities are statistically dissimilar (ANOSIM: 0.357, p<0.001). Figure courtesy of Amelia Nelson.












Figure 10. Alpha diversity metrics of microbial communities a) Pielou’s evenness (from 0-1) between burned and unburned communities (p<0.0001) b) Simpson’s index (from 0-1) between burned and unburned communities (p=0.60). c) Species richness between burned and unburned communities (p=0.010). Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data. 
a)
b)
c)
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Figure 11. Linear discriminate analysis between burned (red) and unburned (green) communities. Compiled using ESVs. Figure courtesy of Amelia Nelson. 







Figure 12. a) Amount of soil carbon (%) in sample years 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019. No significant differences between the same types across years b) Amount of soil nitrogen (%) in sample years 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019. No significant differences between the same site types across years c) Soil C:N ratio in sample years 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019. No significant differences between the same types across different years. Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data.
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Figure 13. a) Soil respiration rates (mg C-CO2 day-1) in sample years 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019. Significant differences between the same site types across years indicated with letters. b) Soil bioavailability (mg C-CO2 g-1 C day-1) in sample years 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019. Significant differences between the same site types across years indicated with letters. Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data.

Figure 14. Soil Moisture (%) in sample years 2015 (Wolf, 2016), 2016 (Barnes, unpublished data) and 2019. Significant differences between the same site types across years indicated with letters. Burned watersheds shown in red, unburned watersheds shown in blue. Shaded regions show probability density of the data.

a)
b)
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Figure 15. Fractionation between soil δ13C and δ13C of respired CO2 between sample years. a) Weekly δ13C of respired CO2 in sample years 2016 (Barnes, unpublished data) (circles) and 2019 (triangles). Burned watershed shown in red, unburned watersheds shown in blue. b) Fractionation (‰) between week one and weeks two through six (p<0.0001) in sample years 2016 (Barnes, unpublished data) and 2019. Shaded regions show probability density of data. Significant differences between the same site types across years indicated with letters.








Figure 16. Comparison of burned and unburned watershed characteristics. Unburned soils did not respire significantly more CO2 than burned watersheds despite having significantly more SOC and soil nitrogen. Unburned watersheds also had higher microbial species richness while burned watersheds had more nitrifying bacteria.
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Vegetation Type Burned % Cover Unburned % Cover P-Value
Grasses 19.0 ± 10.1 8.43 ± 4.76 <0.0001
Forbes 10.9 ± 5.39 0.385 ± 0.297 <0.0001



Succulents 0.090 ± 0.167 5x10-2 ± 7.86x10-2 0.18
Live Woody Plants 5.00 ± 12.7 2.77 ± 4.91 0.66



Woody Debris 15.7 ± 5.68 0.455 ± 0.156 <0.0001
Litter 11.7 ± 10.7 65.8 ± 12.0 <0.0001
Moss 0 0.211 ± 0.24 0.083



Bare Ground 36.8 ± 15.9 13.4 ± 10.2 <0.0001
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Fraction Burned % Weight Unburned % Weight P-Value
<2mm 56.4 ± 9.71 54.8 ± 10.9 0.51
Rocks 41.2 ± 13.0 42.7 ± 10.3 0.59



Organic Matter 8.1x10-2 ± 1.1x10-2 4.01 ± 4.13 <0.001



Charcoal 4.9x10-4 ± 9.1x10-4 0 <0.001
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Site Type CV% < 2mm CV% Organic Matter CV% Charcoal CV% % C CV% C:N
Burned 131.50 176.04 311.04 57.40 20.55
Unburned 26.06 105.41 0.00 78.19 19.30
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